Dead wood has been identified as a crucial component for forest biodiversity. Recent research has improved our understanding of habitat relations for many species associated with dead wood. However, the consequences for forest management are yet to be explored. In this review we build upon the growing volume of studies on dead wood dependent species, the dynamics of dead wood and ecological theory in order to identify the challenges for forest management at the landscape level. The review has a Fennoscandian focus, but the problems and challenges are similar in many forest ecosystems. We argue that it is necessary to 1) counteract the current shortage in availability of dead wood, 2) concentrate planning at the landscape level in order to minimize isolation and reduce edge effects, 3) create a variety of dead wood types, and 4) utilise available quantitative analytical tools. This calls for new approaches to management that to a large extent includes available knowledge, and to find platforms for planning forested landscapes with diverse holdings.
Introduction
Numerous studies have shown the key importance of dead wood for biodiversity in boreal forests (see e.g. papers in Jonsson and Kruys 2001) . Such studies have produced a large body of data concerning the availability of dead wood and specific species' demands. However, it remains a challenge to draw conclusions from this new knowledge for implementation in forest management. Simple statistics on the occurrence of dead wood and wood living species are valuable starting points but do not provide guidelines for management. Most studies address small-scale patterns of individual logs and specific habitat demands at the stand level, in contrast to forestry planning, which normally takes place at the landscape level (e.g. Fries et al. 1997 , Raivio et al. 2001 . Considering that most species are dynamic in their distribution, it is also more biologically relevant to consider the viability of forest species at the landscape level rather than within stands.
Living on dead wood requires the dependence on a dynamic and transient substrate, and often a large amount of stochasticity is involved in the dynamics. This implies that populations must be able to compensate local extinctions on individual logs and within forest stands with repeated colonisations to ensure survival at the landscape level. Understanding these colonization-extinction dynamics is essential for successful biodiversity management. However, up to now most environmental concern in forestry has focused on the individual management unit, and no reliable guidelines are available for how and where dead wood should be increased to optimise the biodiversity benefit at a landscape level. As trees are both the economically most important product extracted from the forests and the basis for species dependent on dead wood there is an obvious trade-off between the economy for individual forest owners and biodiversity conservation (Ranius et al. 2005) . This implies that when a dead tree is "used" for biodiversity it is in everybody's interest that it is placed under conditions that maximise the benefit. Such conditions involve consideration of spatial, microenvironmental and stand structure factors.
In this paper we review the current knowledge, with a chosen Fennoscandian focus, of the biology of wood dependent species and the dynamics of dead wood. Our aim is to clarify the challenges to forest management regarding how and where to increase the volumes of dead wood. The answer to these questions also depends on many socioeconomic factors. These factors are not reviewed, but in the discussion we point to particular issues that must be addressed in this context.
System Description
Here we describe the ecological context in which conservation of wood dependent species should be viewed. This includes relevant ecological theory, biology of the species and dynamics of the habitat. We do not include an extensive review of substrate demands of individual species (see Dahlberg and Stokland 2004 ). Rather we try to keep the landscape level in focus by addressing the major question on how and where to increase volumes of dead wood.
Theoretical Context
Dead wood is created by tree mortality, which in natural forests is caused by fire, wind, snow breakage, drought, competition, insects and pathogens (Kuuluvainen 1994, Engelmark and Hytteborn 1999) . Tree mortality has a fairly large random component in space and time, and the dominant mortality factor varies strongly between different forest types (Fridman and Ståhl 2001) . The decay rate varies between forest type and tree species and as a consequence of the actual decayer-community (Harmon et al. 1986 , Harmon et al. 2000 , Kruys et al. 2002 . All this implies that species dependent on dead wood must track the availability of a fairly unpredictable habitat. Therefore, wood dependent species must compensate the extinctions with new colonisations through dispersal and establishment on new dead trees. Such a system shares many similarities with systems studied under the theory of metapopulation ecology (Hanski 1999) .
A set of habitat patches may maintain viable populations even if the survival in individual patches, e.g. individual decaying tree trunks, is limited in time (Ranius 2000) . At a small scale (such as individual dead wood objects or small forest stands) both the species and their habitat are dynamic, which is normally not considered in "classical" metapopulation ecology. However, many populations that have been described as metapopulations are associated with habitats with a limited duration of each patch, i.e. they are habitat-tracking metapopulations (Thomas 1994) .
For species capable of long-distance dispersal, metapopulation models may be appropriate to use when understanding the dynamics at larger scales (larger stands and landscapes). The situation in some areas of the Fennoscandian boreal forests may correspond to a mainland-island metapopulation (sensu Harrison and Taylor 1997, Hanski 2001) . Mountain forests in Sweden and the large tracts of unexploited forests in westernmost Russia may serve as dispersal sources (analogous to a mainland) for isolated forest patches (islands) in more exploited regions. However, this analogy may only hold for species capable of long-distance dispersal. For species with more limited dispersal, the survival in fragmented landscapes relies on their ability to persist without a "mainland" source. Such metapopulations rely on a positive equilibrium between colonisations and extinctions. In large parts of boreal Fennoscandia the area of interior old-growth habitat with abundant dead wood is highly fragmented and constitutes only a small fraction of the pre-forestry landscape (Bernes 1994) . Here metapopulation ecology provides a framework for analysing species survival since no stable "mainland" populations serve as a continuous source of colonisers (e.g. Gu et al. 2002) .
Ecological Concepts

Trophic Levels
Many species associated with dead wood do not live on the dead wood directly, but on other species that consume dead wood. During most decay stages, except immediately after tree death before the fungal community has developed, a large number of beetle species feeds on fungal mycelium (Esseen et al. 1997 ). In turn, many parasitic insects live on wood living beetles (Kenis et al. 2004) . Finally, it has been shown that many fungi live associated with, likely as parasites, other fungi (Niemelä et al. 1995) . There is in most of these associations a certain degree of host specificity. In a study on three species representing different trophic levels within a food chain (a bracket fungi, a moth and a specialist parasitoid), it was found that habitat loss and fragmentation truncated the food chains (Komonen et al. 2000) . Thus, we should expect that parasitoids and predators strictly associated with certain wood-living species are generally more vulnerable than those species directly associated with dead wood.
Genetic Variation
Fragmentation of habitats may influence genetic variation and subsequently the fitness of isolated populations (e.g. references in Young and Clarke 2000) , which has been discussed also for wood living species. In the fungi Fomitopsis rosea, Hög-berg and Stenlid (1999) found low heterozygosity levels for small isolated populations in southern Sweden. In a related study, Edman et al. (2004c) noted strongly decreased spore germinability in these southern populations, suggesting a link between isolation, reduced genetic variation and fitness. Similarly, for another wood living fungi, Steccherinum robustius, low gene flow and low genetic variation among isolated populations have been shown (Nordén 2000) . By contrast, Kauserud and Schumacher (2003) found only limited population differentiation in F. rosea and Phellinus nigrolimitatus among five studied Fennoscandian populations. Also shown is that for common species, such as Fomitopsis pinicola, gene flow appears to be high (Nordén 1997 , Högberg et al. 1995 .
Genetic studies on wood-living insects have focused on beetles in bracket fungi. Jonsson et al. (2003) compared the genetic structure of a common (Bolitophagus reticulatus) and a rare (Oplocephala haemorrhoidalis) beetle living in sporocarps of Fomes fomentarius. Between sites, the genetic differentiation was larger in O. haemorrhoidalis. It seems that gene flow between O. haemorrhoidalis populations has declined as an effect of recent habitat fragmentation, while B. reticulatus likely moves over large areas and has higher gene flow . Genetic variability was not low in either species. Knutsen et al. (2000) also studied B. reticulatus, however at a smaller geographic scale. They found significant genetic differentiation between trees, probably due to a founder effect . However, in accordance with Jonsson et al. (2003) , they found only a very small genetic differentiation at a larger geographic scale, between their two study areas.
Rarity
The management of wood dependent species is complicated by the fact that the majority of the species of interest are quite rare. In a sampling study for wood-living beetles, Martikainen and Kouki (2003) showed that very large samples are required for accurate descriptions of the fauna and occurrence of red-listed species. The same conclusion can be drawn for wood fungi and bryophytes. In isolated old-growth forest patches in northern Sweden, more than 50% of the species were found in less than 5% of the studied stands (Berglund and Jonsson 2003) . From these examples we can draw two conclusions: 1) to preserve the full suite of wood-associated species, large volumes of dead wood are needed and 2) inventorying and monitoring the total wood living communities is very labour intensive (e.g. Berglund et al. 2005 ).
Species Dynamics
Dispersal
Theoretical models have suggested that a high frequency of local extinctions imply a high selection pressure for dispersal ability, as the possible benefit of dispersal increases when there are many empty but suitable habitat patches (for a review see Johnson and Gaines 1990) . Comparisons between insects living in different habitats support this prediction: insects associated with an ephemeral habitat that dooms them to extinction within a few generations have a high dispersal propensity, while the dispersal of insects in habitats with a longer persistence is more limited (Southwood 1962 , Den Boer et al. 1980 , Roff 1994 , Denno et al. 1996 . Different types of dead wood have different longevity, and it has been suggested that this would generate differences in the dispersal biology of the inhabiting insects (Nilsson and Baranowski, 1997) . Empirical studies support this view: a beetle, Osmoderma eremita, which lives in decaying trunks that may persist over many decades or even centuries, has a very low dispersal propensity (Ranius and Hedin 2001) compared to species occurring only one or a few years during the early stage of decay (e.g. bark beetles as Ips typographus; Forsse and Solbreck 1985) .
Regarding dispersal, much attention has been given to a tenebrionid beetle, Bolitophagus reticulatus, living on sporocarps of Fomes fomentarius. It is an abundant and widespread species, present also in forests with low amounts of dead wood Nordlander 2002, Jonsell et al. 2003) . Within stands, the species has a frequency of occurrence per tree that increases with habitat size (number of fruitbodies per tree) and decrease with the degree of isolation Midtgaard 1998, Sverdrup-Thygeson and . However, when different sites are compared, there is no correlation between habitat density per forest stand and the frequency of occurrence per tree of the beetle Midtgaard 1998, Jonsell et al. 2003) . In a flight-mill experiment, Jonsson (2003) showed that the species is able to fly for extended periods, corresponding to a distance of several kilometres. This suggests that B. reticulatus has the capacity to colonise suitable habitat patches far away. Jonsell et al. (2003) observed that almost all long distance dispersals occurred during a single week in the summer, which may explain the previous difficulties in observing flying beetles. Moreover, during a later stage of its adult life the beetle resorbes its flight muscles and can then move only by walking (Jonsson 2003) . Perhaps suitable trees standing close to each other typically are inhabited by the same population of B. reticulatus, with extensive dispersal between trees by walking on the ground. This may explain why the species often is most abundant where the local density of trees with fruitbodies is high (Jonsson 2003) . Thus, based on the occupancy pattern within stands, it had been suggested that B. reticulatus had limited dispersal, while further studies showed this not to be the case. This example highlights the need for additional in-depth studies to understand dispersal patterns of individual species.
Bolitophagus reticulatus is a common species, and its dispersal may not be representative of threatened beetles. That is, B. reticulatus might be common simply because of its ability for longdistance dispersal. To test this hypothesis, Jonsson (2003) Jonsson (2003) therefore suggested that O. haemorrhoidalis is a weaker colonizer than B. reticulatus, due to a lower dispersal rate and a lower probability of establishing a population, even though the dispersal range of the two species is similar.
Fungi and bryophytes disperse mainly by small sized spores that are produced in vast numbers. It is thus tempting to assume that most are good dispersers. In relation to other species groups, this is generally true; however, this does not imply that dispersal is not a limiting factor. By using monocaryotic mycelia as bait on species-specific spore traps, Edman and co-workers studied the dispersal ability of a range of wood living fungi. Results showed that spores of species normally only reproducing in old-growth forests did occur in landscapes with very few or no oldgrowth patches (Josefsson 2002 , Edman et al. 2004a . However, there is still a strong correlation between spore deposition and the amount of old-growth forest in the surrounding landscape, indicating that the amount of spores deposited locally is strongly influenced by the occurrence of the species in the surrounding landscape (Nordén and Larsson 2000, Edman et al. 2004a ). Further, on experimental logs, the colonisation was much more rapid on sites with high spore production (i.e. semi-natural forests) than in managed stands with low volumes of dead wood ( Fig. 1 ; Edman et al. 2004b) . As an example, Fomitopsis rosea (a red-listed fungus) successfully colonised only on sites where it was already present, despite the occurrence of spores on sites where it was absent (Edman et al. 2004b ). This suggests that the mere occurrence of spores is not in itself sufficient for colonisation. Most likely, colonisation probability is extremely low for individual spores, and a high deposition is necessary for success.
Bryophyte spores are usually somewhat larger than fungal spores, and in addition many wood dependent bryophytes produce large sized asexual propagules (gemmae). This suggests that wood living bryophytes have more restricted dispersal abilities than wood-fungi. The only published spore dispersal study for wood living bryophytes is on the liverwort Ptilidium pulcherrimum (with a spore diameter of about 20 μm; Söderström and Jonsson 1989) which showed strongly decreasing spore deposition within the first 10 m from the dispersal source. However, at the stand level, it was estimated that more than 300 spores were deposited per square meter of logs per year. Most other studies on wood living bryophytes have focused on the relation between sexual and asexual reproduction, pointing to the importance of asexual reproduction in maintaining the local population, even though asexual propagules are large and with more limited dispersal than spores (Kimmerer 1994 , Laaka-Lindberg et al. 2003 , Pohjamo and Laaka-Lindberg 2004 To date, no landscape-level study on the dispersal ability of wood living bryophytes has been reported. However, an analysis of British mosses and hepatics (including wood living species; Longton 1992 , Laaka-Lindberg et al. 2000 showed that species not producing sporophytes are strongly over-represented among rare species in Britain, suggesting that dispersal may significantly reduce overall distribution.
Population Establishment
Colonization is the joint result of successful dispersal and successful establishment. Establishment conditions for wood living species have rarely been studied, but include biotic interactions, abiotic conditions, wood quality, as well as chance and timing.
The fungal spore contains very little nutrient supplies, so establishment relies on encountering favourable local conditions. Also, the wood is usually already colonised by other species and thus represents a hostile environment to the coloniser (Boddy 2001) . For some species, insect vectors may facilitate the establishment. One example is Amylostereum areolatum, which has a mutualistic relationship with wood wasps (Sirex species; Vasiliauskas et al. 1998 ). Another example is blue stain fungi, which is transported into the sapwood by bark beetles (Dowding 1984) .
Little is known about bryophyte and lichen establishment on dead wood in boreal forests. The only work that has addressed this topic seems to be the studies of Tetraphis pellucida and Dicranum flagellare (Kimmerer 1993 , Kimmerer and Young 1996 . In this system, small-scale disturbance on individual logs was extremely important in the dynamics of the species, suggesting that the availability of space is a crucial factor, and that establishment in closed communities is difficult. For boreal epiphytic lichens Hillmo and Ott (2002) showed that the establishment from asexual propagules was slow and required more than two years before visible thalli occurred. However, the establishment rates of vegetative diaspores sown on experimental twigs were as high in young stands as in old-growth stands (Hillmo and Såstad 2001) . If this pattern were also relevant for lichens on dead wood, it would indicate that establishment is more a function of dispersal ability and substrate availability than microclimate differences between managed and old-growth stands.
The main difference between the establishment of insects in comparison to cryptogams is the involvement of active behaviour, especially emission of and attraction to chemical compounds. For instance, it has been found that insects associated with fruiting bodies of bracket fungi are attracted by the odour emitted by specific fungi species (Jonsell and Nordlander 1995) . When the first wood insects have arrived to a suitable habitat, they may attract other individuals by emitting aggregation and sex pheromones (e.g. Jonsson et al. 1997 . It has been found that such pheromones emitted by a wood-living beetle are used by a predator to locate its prey (Svensson et al. 2004) . Our knowledge on these odours is only based on a few experimental studies, and therefore we do not know at which spatial scales they are effective and how much they actually mean for the probability of successful colonisation in different situations.
Presence of a particular species is obviously a first necessary step for population establishment. However, from a management and conservation perspective it is more important that the species actually reproduce. For wood dependent cryptogams this may be conferred from the occurrence of sporocarps (fungi), apothecia (lichens), capsules (bryophytes), or asexual means of reproduction. Usually these structures are evident during inventories and may be fairly easily noted.
The insect fauna on dead wood is often surveyed by window traps (for methods see Kaila 1993 , Økland 1996 , Ranius and Jansson 2002 , Martikainen and Kouki 2003 , which may be problematic, as it cannot be ascertained if the collected insects actually use the dead wood substrate. Typically, a relatively large proportion of the collected insects are "tourists", in that they are caught coincidentally or are attracted by dead wood but not using it as a larvae substrate. Bark peeling (e.g. used by Siitonen and Saaristo 2000) and emergence traps (e.g. used by Lindhe and Lindelöw 2004) are in many cases more useful survey methods, as the obtained sample contains species found in, and presumably using, the substrate.
Habitat Requirements and Population Development
Once established, the subsequent population development depends on how well the species is able to use available resources. Dahlberg and Stokland (2004) provide a review of the types of dead wood utilised by different species in Sweden. This review is likely to be highly relevant also for all other parts of the western Taiga. Many species show some degree of specificity to dead wood of particular tree species (Boddy 2001 , Jonsell et al. 1998 , 2004 . However, strict host specific species seems to be rather few, and taken Sweden as an example, only around 130 species out of almost 7000 wood living species, have been identified as only occurring on one host tree species (Dahlberg and Stokland 2004) . Regarding invertebrates, species in early successional stages of dead wood are more confined to particular tree species (Jonsell et al. 1998) , while in later successional stages other factors, especially the presence of different decaying fungi (Kaila et al. 1994) , are more important (Jonsell et al. 1998) . The majority of the wood-living species in Sweden are associated with deciduous trees, however the individually most species rich tree is Norway spruce with at least 1200 associated species. Of the deciduous trees, birch, oak and aspen are the most species rich (Dahlberg and Stokland 2004) . For red-listed species, oak is the most important host tree followed by Norway spruce. Given the overall importance of deciduous trees for wood dependent species, it is notable that the standing volumes of conifers in Finland, Sweden and Norway are 3 to 5 times higher than that of deciduous trees (Stokland et al. 2003) .
Most invertebrate species either prefer sun exposure or are indifferent, while only a few prefer shaded dead wood (Jonsell et al. 1998) . Shade-intolerant tree species appear to harbour more sun-preferring invertebrate species when compared to more shade-tolerant tree species. Norway spruce is more shade-tolerant than, for instance, aspen and birch. When dead wood of aspen (Martikainen 2001, Sverdrup-Thygeson and Ims 2001) and birch (Kaila et al. 1997 ) has been studied, more beetle species have been found in sun-exposed than shaded situations, while in Norway spruce, there is no difference in species richness between sun-exposed and shaded logs (Wikars, Sahlin and Ranius unpublished). When Lindhe et al. (in press) studied high stumps on clear-cuts, they also found a higher proportion of species favoured by sun-exposed conditions in aspen and a lower proportion in spruce, but surprisingly, they also found a relative low proportion of such species in birch. In contrast to the invertebrates, there is evidence that most woodfungi and bryophytes are confined to more shaded environments as occurring in forest interiors (Söderström 1981 , Snäll and Jonsson 2001 , Moen and Jonsson 2003 . For wood living bryophytes in isolated old-growth forest patches in northern Sweden, negative effects of edges extended about 50 m into forest stands (Moen and Jonsson 2003) . Also for red-listed wood fungi, reduced occurrence was noted at the edges of woodland key habitats (Snäll and Jonsson 2001) . Thus, the preference for sun-exposed vs. shaded conditions varies among species groups, implying that no general pattern exists.
Species composition of deadwood-dependent organisms varies markedly through the process of wood decay. In general, the majority of species dependent on dead wood seems to prefer dead wood at intermediate stages of decay (Dahlberg and Stokland 2004) . This general patterns contrasts to red-listed invertebrates, where most species occur during the earlier stages of decay (Jonsell et al. 1998) , and to fungi and bryophytes where many species also occur on later stages (Dahlberg and Stokland 2004) . The preference for later decay stages is most apparent for red-listed wood-living fungi and bryophytes (Bader et al. 1995 , Kruys et al. 1999 .
In addition to decay stage, size of the dead wood piece is often positively correlated with species occurrences, as many wood living species prefer dead wood of large dimensions (e.g. Kruys et al. 1999 , Siitonen and Saaristo 2000 , Ranius and Jansson 2000 , Jonsell et al. 2001 , Dahlberg and Stokland 2004 ; see however Lindhe et al. in press ). More than 50% of the wood dependent species in Sweden primarily occur on logs larger than 20 cm diameter and about 15% of the species are confined to dead wood with a diameter of more than 40 cm (Dahlberg and Stokland 2004 ). However, care should be taken not to interpret this to mean that small-sized logs are unimportant. The reason for the observed preference (as analysed) is two-fold: a true dependence on the conditions offered by the large-diameter dead wood and, in some studies, a sampling artefact from large dead wood representing a larger area or volume of habitat. Two studies indicate that, based on volume, small-diameter logs may indeed be an important substrate for wood living fungi and bryophytes Jonsson 1999, Nordén et al. 2004) .
Although tree species, decay stage and dead wood diameter are the most well studied factors, also other aspects of dead wood are important. Such factors include the occurrence of hollows in trees, wood from slow growing trees, burnt wood and wood in streams which all host a number of specific species. For instance, a total of 405 species, including 175 red-listed species, have been found on burned wood in Sweden (Dahlberg and Stokland 2004 ).
Extinctions
Extinction of deadwood dependent organisms at the level of a single log is deterministic, as sooner or later the log will decay beyond its suitability as substrate. For many beetles only the first stages of decay are important, thus their occurrence on individual logs is restricted to a few years (Esseen et al. 1997 , Jonsell et al. 1998 ). This differs from species (mainly wood fungi and bryophytes) that utilize advanced stages of decay, which may survive for decades on a single log. For example, inventories of the old-growth polypore Phellinus nigrolimitatus and the corticoid fungus Columnocystis abietina showed that 73% and 75%, respectively, of the logs inhabited by these species in the first inventory were still occupied eight years later (Berglund et al. 2005 ).
Extinctions at the stand level, however, are more stochastic, and the risk is a function of the balance between log-level extinctions and colonizations. Local extinctions are more likely among species with small populations, which seems to be common for many wood living species (e.g Berglund and Jonsson 2003, Martikainen and Kouki 2003) . To date, only a limited number of studies have addressed extinctions at the stand level. Gustafsson et al. (2002) has constructed a stochastic model on the dynamics of wood fungi at stand level. Their results highlight the need for further studies on the population demography, e.g. what factors control time from germination to fruit body development and spore production.
These basic factors are so far known for only a few species.
Decreased amount of dead wood may cause extinctions, especially for species with limited dispersal or narrow habitat demands. However, populations of such species may persist at the individual log or stand for extended periods even if the low habitat density in the landscape makes it impossible to balance extinctions with colonisations in the longer run. This is in short is the extinction debt (Tilman et al. 1994 , Hanski 2000 , which is currently much discussed. Given the relative slow dynamics of forest succession and the rapid decrease in the area of interior oldgrowth habitat, it is unlikely that all species have tracked the changes in the Fennoscandian forest landscape, meaning that current species distribution patterns are a consequence of much greater habitat availability in the previous forest landscape (Gu et al. 2002) . Therefore many species are currently changing their distribution pattern. This has been analysed theoretically by Hanski (2000) and studied empirically by Berglund and Jonsson (2005) , Penttilä (2004) and Gu et al. (2002) .
Continuity
It has been hypothesized that wood dependent species with restricted colonization ability should be confined to sites with a continuous occurrence of suitable habitat over time (Nilsson and Baranowski 1997) . The habitat continuity over recent times may be assessed by analysing the occurrence of certain structures, e.g. logs in different decay and size classes (Stokland 2001) . Given that such an approach has a limited temporal extent, and that much larger time scales might be relevant for the fauna and flora, it has been suggested that certain indicator species should be surveyed (Nilsson et al. 1995) . However, this approach also has been criticized, mainly because of the lack of reliable data correlating potential indicator species with forest continuity and because the general importance of continuity has been questioned (Nordén and Appelqvist 2001) .
Nevertheless, several studies on wood dependent species suggest that the occupancy of indi-vidual species (Siitonen and Saaristo 2000, Sverdrup-Thygeson and Lindenmayer 2003) or species richness of some certain groups (Nilsson and Baranowski 1997 , Alexander 1998 , Jonsell and Nordlander 2002 ) is positively correlated with historical continuity. However, to be able to draw firm conclusions, it is important that current habitat quality is controlled for and that historical data are used. Among these studies, only one -Siitonen and Saaristo (2000) -have tried to both control for current habitat amount and quality and use historical data, while other -Alexander (1998), Sverdrup-Thygeson and Lindenmayer (2003) -used historical data. Therefore it is in most of the studies impossible to draw conclusions about the casual relationship between species richness and historical factors per se. Additional studies have shown no relationship between species richness and historical continuity. A study of cryptogams in swamp forests found no relationship between species considered to indicate natural forest and the known long-term continuity of the forest (Ohlson et al. 1997 ). Rolstad et al. (2004) studied wood living fungi, and found no evidence for dispersal limitation, concluding that the spatiotemporal distribution of dead wood was of minor importance, at least on scales of hectares and 100 years.
Although a number of studies have addressed the importance of continuity, there is for the vast majority of species no information on their dependence on habitat continuity. Anyway, it is obviously a better starting point to include sites where the focal species occur in suitable sites than relying on the species dispersal ability for colonization of new suitable habitats (Fig. 1 ., See Edman et 2004b for an empirical example and Huxel and Hastings 1999 for a relevant theoretical analysis). Also, given the current extent of fragmentation of the landscape, the importance of local continuity may be increasing since the potential for re-colonization is decreasing.
Dead Tree Dynamics
Tree Mortality
The rate of tree death is related to, for instance, tree species composition, stand age, and forest management. Stokland et al. (2003) analysed and summarized the National Forest Inventory data from Norway, Sweden and Finland. For trees larger than 5 cm diameter at breast height (dbh), the total natural mortality ranged between 0.11 and 0.31 m 3 ha -1 year -1 with the lowest value in Finland and the highest in Norway. However, the data also clearly show that the mortality rate is much higher in small diameter trees. In conifers the mortality was 2 to 3 times higher in trees <10 cm dbh than in larger trees. Ranius et al. (2004) analysed data from the Swedish National Forest Inventory (NFI) specifically for spruce dominated old forests that have not been managed, at least during the last 25 years. The estimated average annual mortality of Norway spruce with a diameter exceeding 10 cm was 0.36%, while the corresponding figure for managed forests younger than normal cutting age was 0.09-0.21% (Ranius et al. 2003) . Because the standing volume is, on average, lower in a managed forest in comparison to an old unmanaged, the amount of dead wood generated annually is several times higher in the unmanaged forest.
Very little data is available concerning betweenyear variation in mortality rates in boreal forests, but some variation is present and influences the predictability of habitat availability, especially for species dependent on freshly dead trees. For Norway spruce in an old-growth landscape, the mortality rate between different 5-year periods varied almost an order of magnitude, but also during periods of low mortality fresh logs tended to be relatively abundant (Jonsson 2000) . In forests dominated by large-scale disturbances as forest fires, an average mortality rate is basically irrelevant. Here the actual fire characteristics will determine a large part of the tree mortality for extended periods of time (Siitonen 2001) .
Decay Rates
In an unmanaged forests, decay of dead wood may balance the input through tree mortality. The decay is performed by a vast number of species, where insects and fungi particularly play an important role. Therefore, a reduction of biodiversity may also affect decomposition rates of a given area.
Decay has been measured in at least three ways: time to "disappearance" of the dead wood unit (usually equalling about 80-90% mass loss), mass loss functions and decay stage transitions. Estimates of the time to disappearance have mostly been conducted at areas where old plots have been revisited (Hytteborn and Packham 1987 , Liu and Hytteborn 1991 , Hofgaard 1993 . These studies suggest that downed Norway spruce logs on average disappear from the forest floor within 50 to 120 years given a gradient from southern to northern Sweden (Ranius et al, 2004) . However, the data are too scarce to allow for any broader generalisations regarding the relationship between latitude and decomposition rate (see however Jonsson 2000 , Kruys et al. 2002 , Storaunet and Rolstad 2002 for examples from particular regions).
Mass loss functions are usually modelled by a negative exponential model:
( 1) where Y t is the mass at time t, Y 0 the initial mass and k the decay rate constant. A few studies (Naesset 1999 , Krankina and Harmon 1995 , Tarasov and Birdsey 2001 have reported decay rate constants for boreal Europe, giving ranges from 0.03 to 0.05 corresponding to a 90% mass loss over 45 to 75 years. Somewhat surprising, only minor differences were observed between Norway spruce and Scots pine, while birch had significantly faster decay (Krankina and Harmon 1995) .
In an attempt to model decay stage dynamics, Kruys et al. (2002) developed a stage transition approach and parameterised this for Norway spruce logs in boreal Sweden. Their approach is based on the probability of a particular log to move from one decay stage to the next during a certain time period. Their data have also been used in a similar model of decay stage dynamics that required a mean and standard deviation for the time a dead wood unit remains in a certain decay stage (Ranius et al. 2003) . With these approaches the fate of individual logs may be followed and future decay stage distributions in a forest stand predicted (Fig. 2) .
Stand Models
By combining mortality data and decay rates, the temporal pattern of dead wood-availability can be modelled. In the simplest case a constant input and decay is assumed. If forest management is considered, knowledge about how dead wood is destroyed or removed is also necessary (Ranius et al. 2003) . However, since stand development models for managed forests are present and becoming increasingly sophisticated, more realistic models can be created. This has been done in two studies of Norway spruce forests conducted by Ranius et al. (2003 Ranius et al. ( , 2004 . In the first, dead wood availability in managed forests was modelled by stochastic equations giving both average values and variation in dead wood amount over the management cycle (Fig. 3) . A related model was developed for old-growth forests where equilibrium between growth and mortality was assumed (Fig. 4 ). Both studies demonstrate that dead wood dynamics can be incorporated into forest management strategies and used as tools for "morticulture" (sensu Harmon 2001) .
Current Status
Several authors have previously provided reviews or reports of dead wood on regional or national level in Fennoscandia (for instance Kruys et al. 1999 , Fridman and Walheim 2000 , Siitonen 2001 , Stokland et al. 2003 . The specific aim of this section is to summarise the situation and place it in relation to the previous sections on species demands.
The boreal forests of Fennoscandia can be viewed as a patchwork of predominantly managed stands with different compositional characteristics, such as tree species, age classes and productivity. Taking northern Sweden as an example, about 42% of the forested land is younger than 40 years old, and about 22% is between 40 and 80 years (Forestry statistics 2003) . Mature forests (81-120 years) constitute 20%, while old forests (>121 years) only cover about 16% of the forested land (Forestry statistics 2003). Still this is one of the richest regions in Fennoscandia in terms of fraction of older forests. Only the low-productivity portions of northeasternmost Finland have significantly higher fraction of old forests, with landscapes composed of more than 40% of stands older than 120 years. In the middle-, south-and hemiboreal parts of Fennoscandia, only 4-6% of the forest is over-mature (Stokland et al. 2003) .
Volumes of dead wood in managed forests range from 4-10 m 3 ha -1 within most parts of Fennoscandia. Only the north-boreal zone of Finland has higher values (25 m 3 ha -1 ; Stokland et al. 2003) . In general, the volume of dead wood increases with increasing stand age in Sweden, from an average of 2.1 m 3 ha -1 in stands up to 40 years to 19.7 m 3 ha -1 in stands older than 140 years (Fridman and Walheim 2000) . However, it is only forests more than 60 years of age where volumes start to increase strongly (Ranius et al. 2003) . These amounts of dead wood are considerably lower than the levels observed in old-growth natural forests where volumes typically reach levels of 70-100 m 3 ha -1 (e.g. Siitonen 2001) .
Regarding dead wood quality, individual tree size and the stage of decay are two primary concerns. The diameter distribution of dead wood in the managed landscapes is strongly biased towards small diameter classes (Kruys et al. 1999, Fridman and Walheim 2000), with large dead wood being highly infrequent. Only 10-20% of available logs are larger then 30 cm in managed Swedish forests (Fridman and Walheim 2000) . Similarly, the distribution of decay classes is skewed, with late decay stages being under-represented in relation to the situation in unmanaged forests. Dead wood in later decay stages disappears from the managed forests due to normal decay as well as destruction from forestry operations, especially at final cutting (Hautala et al. 2004) . Large dead wood is rare in managed forests simply because trees are cut before they succumb to senescence or natural disturbance. At present, approximately 1% of the productive forestland in Sweden has been assigned a 'semi-protected' status as a woodland key habitat (WKH). These habitats have components of natural forests and are presumed to host or potentially host threatened species. WKH's generally have larger volumes of dead wood (national mean of about 20 m 3 ha -1 ) than the surrounding landscape, although on average significantly less than old-growth forests (Jönsson and Jonsson, unpublished) . Most WKH's are small (median size: 1.4 ha), and occur as isolated stands in the otherwise managed landscape. Aune et al. (2005) studied edge effects and isolation patterns of WKH's in northernmost Sweden (Norrbotten County). Five thousand WKH stands were included in the analysis. A calculation of core area (compensating for a 50 m edge effect) showed that less than 30% of the total WKH area is core area. Of this, most is concentrated in the largest 10% WKH's. Aune et al. (2005) also concluded that, although isolation is a species-dependent effect, only species with very high dispersal ability may efficiently move within the studied network of WKH's and nature reserves.
In addition to the fact that old forests constitute only a small proportion of the landscape, the size of forest patches has also decreased. In a study of forest history in a 170 km 2 area in northern Sweden, Axelsson and Östlund (2001) showed that the percentage of multi-aged forests had decreased from 95% in 1891 to 3% in 1997. They also compared patch sizes of mature and old forests between 1914 and 1997. Constituting 71% and 20% of the landscape in 1914 and 1997 respectively, the mean patch size decreased from 241 to 24 ha. Similarly, the range in patch sizes decreased during the same time period, and the largest patch decreased from constituting 67% of the landscape to only 2%.
New forestry methods, including green-tree retention and setting aside forest stands, have the potential to increase the proportion of dead wood in larger diameter classes (Ranius et al. 2003) . New forestry methods mainly concern activities during thinning and at final cutting, making the increases at the landscape level quite slow (Ranius and Kindvall 2004) . For species demanding, for instance, large dead trees in closed forest stands or dead wood from slow-growing trees, these methods may prove to be insufficient. Also of major concern is the fact that stands coming into semi-mature and mature stages in the future have likely regenerated after clear-cutting and have been well managed from a forest production perspective. Such stands would have low volumes of dead wood to start with (Fridman and Walheim 2000) , and commercial thinning would have lowered their natural mortality (Mäkinen and Isomäki 2004a, 2004b) .
Discussion
In this discussion we build upon the review above to emphasize the consequences faced by dead wood dependent species. We focus on the situation in Fennoscandian boreal forests, however, the problems are general to many forest ecosystems (Harmon 2001 , Grove 2002 . During the last decade forest practises have changed (e.g. Raivio et al. 2001) such that various environmental concerns are now routinely taken into account. For example, small stands are set aside at harvesting, dead wood and tree groups are left, and edge zones are created along watercourses. These practises will improve the situation for those wood dependent species that can utilize dead trees in open exposed habitats and that have the potential to disperse among scattered habitats (e.g. Martikainen 2001) . However, we believe that the real challenge lies in creating habitats for species that are naturally rare, demand interior forest conditions and have limited dispersal ability. Given the overall low abundance of dead wood and the lack of extensive areas of old-growth forests, these species will continue to face severe problems in the future.
Temporal Considerations
This review shows that the temporal aspects must be considered in any planning process that aims to increase the survival potential for wood dependent species. Particularly in managed forests, many wood dependent species will be confined to the mature stages where some dead wood has accumulated (cf Siitonen 2001 , Ranius et al. 2003 and forest interior conditions prevail. Presently, the situation in Fennoscandian boreal forests is unfavourable for these species since stands currently entering the mature stage are usually strongly influenced by intense management and therefore contain very low volumes of dead wood (Fridman and Walheim 2000, Jönsson and Jonsson, unpublished) . Dead wood volumes will likely increase once the current practises (cf Raivio et al. 2001) lead to stands with a larger component of dead wood; however, this may take several decades (Ranius and Kindvall 2004) . Many species may thus be facing a prolonged period with a low abundance of dead wood. To counteract this deficit, at least two actions are necessary: increase the protection of remaining dead wood-rich forests with high biological values, and create dead wood during thinning operations. Other alternatives include artificially increasing the amount of dead wood in recently set aside forest reserves (done in southern Finland: Ympäristöministeriö 2003) and prolonging rotation times in mature stands rich in dead wood.
Spatial Considerations
From both management and conservation perspectives, the decision on where to increase volumes of dead wood should take place on the landscape level (cf Raivio et al. 2001 , Kuuluvainen et al. 2002 . By landscape we refer to the planning scale applied by most forest companies in Fennoscandia, i.e. in the range of 5000-30 000 ha. However, from a biological point of view, the "landscape" means different things for different organisms depending on their dispersal ability. This should be kept in mind when performing forest management for a multitude of species and forest products -scale is species dependent.
A starting point to answer where is by mapping the occurrence of valuable semi-natural forest stands. In model attempts by Hanski (2000) and Huxel and Hastings (1999) it was shown that the scenario with "blind" management generated the worst outcome in terms of survival possibilities. Thus, a prime objective is to identify localities with high habitat quality and with the largest populations of the species in concern (threatened species, keystone species, or other focal species). These sites should form the core of a successful management plan. Otherwise colonisation in other protected or restored sites within the particular landscape will depend on the species' long-distance dispersal ability -an ability that is largely unknown for most species and also questioned for many (Ranius and Hedin 2001 , Edman et al. in 2004a , Edman et al. in 2004b . As many dead wood dependent species are rare, the populations will be large enough to ensure local survival for longer time periods only in sites with large volumes of dead wood. Thus, even if a fair number of suitable logs occur scattered among small stands in the landscape, many species may be dependent on abundant dispersal from a few large source populations.
The reliance on woodland key habitats as survival points and dispersal sources in the managed landscape is currently strong in Fennoscandia (Nitare and Norén 1992, SUS 2001) . However, the overall low volumes of dead wood in these stands is problematic: in Sweden they contain only about 20% of natural volumes of dead wood (Jönsson and Jonsson unpublished) . In addition, they are strongly influenced by edge effects and may be isolated, given the assumed dispersal ability of most wood dependent species (Aune et al. 2005 ). The risk is thus obvious that woodland key habitats will not be able to maintain their original dead wood dependent species over a longer time perspective -i.e. they may hold an extinction debt to be paid for in the future (e.g. Hanski 2000, Berglund and . Nevertheless, areas like the Fennoscandian woodland key habitats are in many forest regions the best starting point for a successful management of forest biodiversity.
Landscape Planning
Successful landscape planning requires spatial data on both stand structure and the distributions of species that should be preserved. Although efforts have been made to provide this basis, our knowledge is limited, and the need for additional forest inventories is evident. Based on relevant data, deficiencies of certain forest types and hotspots for particular species can be identified. The next step is to maximise the benefit from stands set aside from intensive harvesting, either as fully preserved or with low-intensity harvesting. Here isolation and edge effects are especially important considerations (Aune et al. 2005) . When the most valuable habitats are very small and isolated, focus must be on creating buffer zones and increasing habitat connectivity. Given economical constraints, this might imply that some stands, which today have high biological values may have to be "sacrificed", if they are too small and isolated to maintain viable populations of the species in the long run. This should not be taken as an excuse to harvest small semi-natural forests, as these may indeed be important for more easily dispersed species. The point is that when specific target species and species groups are set, not all sites may be of equal importance. Thus we argue to focus on sites where investment gives the best return in the form of increased population viability. This of course calls for a more analytic approach to landscape planning. In such analyses, levels of isolation related to the species in concern together with long-term predictions on the change in availability of dead wood in space and time must be included (cf Ranius and Kindvall 2004) . This strongly suggests that the metapopulation tool box (Hanski 1999, Morris and Doak 2002) should be applied in order to conduct population viability analysis. Preferably this analysis should include a set of species with varying demands that covers a larger set of dead wood dependent species (e.g. Angelstam 1998).
Challenges for the Future
As the number of species directly or indirectly dependent on dead wood is very large (for instance, in Fennoscandia probably in the range between 5000-7000 species; Siitonen 2001, Dahlberg and Stokland 2004 ), it will not be possible to give quantitative estimates on habitat demands and general guidelines for forest management that are appropriate for all species. For instance, estimates on required volumes of dead wood have been suggested from correlations between species occurrence and current dead wood volumes (e.g. Penttilä et al. 2004 , de Jong et al. 2004 . However, as the goal should be to preserve overall biodiversity, relationships between dead wood volumes and individual species are insufficient. Of more use would be the relationship between dead wood volumes (and quality) and the total number of dead wood dependent species that occur in viable populations. Because habitat requirements vary widely between wood living organisms, it is unreasonable that there is one target dead wood volume that would meet the needs of all species (Ranius 2005) . For these reasons, we refrain from making such a recommendation, and instead conclude with four attainable management goals: 1) counteract the current shortage in dead wood availability; 2) concentrate planning at landscape level in order to minimize isolation and reduce edge effects; 3) create a variety of dead wood; and 4) utilise available quantitative analytical tools. Each of these is addressed in the following paragraphs.
Current changes in forest management in Fennoscandia provide some assurance that forests of the future will provide better habitats for wood living species. However, the current shortage requires attention and at least three actions seems necessary: to increase the protection of remaining semi-natural forests with abundant dead wood, to create dead wood during thinning operations, and possibly also to prolong rotation times in mature stands rich in dead wood.
Although species dispersal abilities differ, we should expect that some species could benefit from increased connectivity among suitable habitats. Such an increase would not pose problems to species with high dispersal ability. A focus on landscapes and landscape segments with viable populations of threatened wood dependent species and concentration of older stands with higher volumes of dead wood (high internal ecological memory sensu Bengtsson et al. 2003) increases the potential success of management efforts. To create landowner platforms for landscape planning can be difficult. For large forest companies this may be done at the corporate level where landscape plans can be compared and adjusted. For example, this is currently practiced in Sweden on land owned by the Swedish-Finnish forest company Stora Enso. How to do this for small forest owners is more difficult to envisage (see however Kurttila et al. 2002) . Nevertheless, as the maintenance of forest biodiversity continues to be a pressing societal concern, such planning dialogues needs to be established.
There is no particular type of dead tree, standing or fallen, small or large, shaded or sun-exposed, in early or late decay, or belonging to a particular tree species that is suitable to all wood dependent species. Due to the large number of species associated with dead trees, it is reasonable to assume that all types of dead wood have particular associated species. Advocating for the creation of a variety of dead wood calls for increased knowledge among practitioners so that they actually "see" the types of dead wood that should be created or retained. A focus only on numbers and volumes is not sufficient. In this context, it is quite fortunate that recent research has provided abundant information on the habitat associations for many wood dependent species (Dahlberg and Stokland 2004) . The successful transfer of this knowledge from science to practise would no doubt increase the variety of dead wood types in Fennoscandian forests.
The theoretical foundation for landscape-level population viability analysis has been laid. The lack of data on the species to parameterise population viability models is currently a limitation, but ongoing research will give these models more credibility and provide input from a wider range of organisms. The inclusion of quantitative analytical tools in forest biodiversity management may seem easy in theory but requires new approaches to planning and management. Applying quantitative landscape analysis and performing population viability analyses, as a part of forest management, requires a significant increase in resources both economically and regarding analytic capacity.
However, for what use do scientists develop tools if they do not intend to see them put into practise? Further, to what purpose do forestry authorities and forest owners allocate resources on various conservation practises if they are not fine-tuned to meet the conservation goals? National, corporate and private economy, as well as the credibility of the forest certification systems, calls for an efficient use of the hectares and volumes that are set aside to protect biodiversity. There is thus a strong incentive to apply the best available knowledge and techniques in this context. It is also by such quantitative analyses that the answers to the urgent questions on how much and where are given. There is no reason to believe that any particular combination of quality and quantity of dead wood at any certain spatial scale is sufficient for survival of all species, as requirements are species specific (cf Angelstam et al. 2003) . Thus, there is a need to define specific conservation goals (in terms of focal species or species groups that should be maintained at certain spatial scales) before critical quantitative thresholds can be given. General rules of thumb may have large impact on management, but are potentially counterproductive since they risk allocating either too little (increased extinction risks) or too much (increased costs).
